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Abstract 

Background:  Nanoscale zero-valent iron (nZVI) is commonly used for remediation of groundwater contaminated 
by chlorinated ethenes (CEs); however, its long-term reactivity and subsurface transport are limited. A novel nZVI–AC 
material, consisting of colloidal activated carbon (AC) with embedded nZVI clusters, was developed with the aim of 
overcoming the limitations of nZVI alone.

Results:  Application of a limited amount of nZVI–AC to an oxic, nitrate-rich, highly permeable quaternary aquifer 
triggered time-limited transformation of CEs, with noticeable involvement of reductive dechlorination. Reductive 
dechlorination of CEs was dominantly abiotic, as an increase in the concentration of vinyl chloride (VC) and ethene 
did not coincide with an increase in the abundance of reductive biomarkers for complete dechlorination of CEs 
(Dehalococcoides, Dehalogenimonas, VC reductase genes vcrA and bvcA). Application of nZVI–AC under unfavourable 
hydrochemical conditions resulted in no dramatic change in the microbial community, the reducing effect resulting 
in temporal proliferation of nitrate and iron reducers only. At a later stage, generation of reduced iron induced an 
increase in iron-oxidizing bacteria. High concentrations and a continuous mass influx of competing electron accep-
tors (nitrate and dissolved oxygen) created unfavourable conditions for sulphate-reducers and organohalide-respiring 
bacteria, though it allowed the survival of aerobic microorganisms of the genera Pseudomonas, Polaromonas and Rho-
doferax, known for their ability to assimilate VC or cis-1,2-dichloroethene. A potential for aerobic oxidative degradation 
of CE metabolites was also indicated by detection of the ethenotroph functional gene etnE.

Conclusions:  This pilot study, based on the application of nZVI–AC, failed to provide a sustainable effect on CE 
contamination; however, it provided valuable insights into induced hydrogeochemical and microbial processes that 
could help in designing full-scale applications.
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Background
Chlorinated ethenes (CEs), which include tetrachlo-
roethene (PCE), trichloroethene (TCE) and their toxic 
metabolites, constitute a large environmental prob-
lem due to their persistence in the environment [1]. 
In recent years, nanoscale zero-valent iron (nZVI) has 
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proved effective in CE treatment when employing two 
major reaction mechanisms, reductive dechlorination 
(hydrogenolysis) and reductive β-elimination. Dur-
ing reductive dechlorination, C–Cl bonds in CEs are 
sequentially replaced by C–H bonds to form Cl− and 
less chlorinated CEs. During reductive β-elimination 
of CEs, triple bonds are created between carbon atoms 
and halogens are simultaneously removed from mol-
ecules in the form of Cl− [2]. However, the high but 
short-term reactivity of bare nZVI particles, together 
with scanty subsurface transport due to their fast 
aggregation and agglomeration, limit the use of nZVI in 
remediation processes [3, 4]. Recently, the use of novel 
particles consisting of colloidal activated carbon (AC) 
with embedded nZVI structures (nZVI–AC) has sig-
nificantly improved the properties of nZVI for in  situ 
groundwater remediation [5], and these have success-
fully been used in early pilot-scale field tests [6, 7].

The negative surface charge of the nZVI–AC par-
ticles prevents the particles becoming immobilized 
in the near-neutral aquifer environment, which nor-
mally has a negative charge. Moreover, the AC acts 
as a spacer between individual nZVI particles, reduc-
ing the tendency of nZVI–AC particles to aggregate, 
leading to higher sedimentation stability of nZVI–AC 
suspensions, even at higher particle concentrations. In 
addition, suspension stabilizers used during injection, 
such as carboxymethyl cellulose (CMC), improve the 
mobility of particles in the subsurface layers. Due to a 
relatively weak sorption of CMC onto the nZVI–AC 
surface, CMC is steadily desorbed in the contact with 
fresh groundwater after injection [8]. The solubility of 
CMC in water is also important in this context, the rec-
ommended maximum molecular weight is < 10 kDa and 
a substitution degree between 0.6 and 1.0 [8]. Previ-
ous field studies in anoxic aquifers have shown particle 
transport distances of several metres and a high rate of 
PCE decomposition with no vinyl chloride (VC) forma-
tion [5, 6, 8].

Enhanced anaerobic biodegradation by organohalide-
respiring bacteria (OHRB) is a process commonly used 
for the remediation of CEs at polluted sites. This method 
relies on reductive dechlorination, where CEs serve as 
electron acceptors and molecular hydrogen and acetate, 
both released as by-products of organic substrate fer-
mentation reactions, are used by the dechlorinating 
bacteria as electron donors and carbon sources, respec-
tively [9]. nZVI application has been shown to improve 
groundwater conditions, making them more favour-
able for OHRB by lowering the oxidation–reduction 
potential (ORP), depleting oxygen and nitrate from the 
groundwater and producing molecular hydrogen during 
its corrosion process, which serves as an electron donor 

for chlorine removal during the organohalide respiration 
process [10, 11].

Although nZVI toxicity to microorganisms has been 
demonstrated in laboratory studies [12–14], field stud-
ies show only mild or short-term impacts on indigenous 
bacterial populations [15–17]. OHRB include a range of 
bacterial genera, including Desulfitobacterium, Dehalo-
bacter, Geobacter and Sulfurospirillum, all of which uti-
lize different reductases that can dechlorinate PCE to 
TCE and cis-1,2-dichloroethene (cDCE) [18]. However, 
only Dehalococcoides and Dehalogenimonas spp. are able 
to carry out the final and crucial step of CE degradation 
by dechlorinating cDCE via VC to non-toxic ethene [19, 
20], using the specific VC reductases vcrA and bvcA [21].

In addition to anaerobic reductive dechlorination, 
degradation of CEs can also occur under aerobic condi-
tions, either metabolically, where CEs are used as elec-
tron donors for cell growth, or by co-metabolism, where 
CEs are degraded fortuitously during the metabolism 
of other growth substrates, without gaining carbon or 
energy for bacterial growth [18]. Aerobic cometabolic 
degradation has been shown for all CEs, though only 
rarely described for PCE [22], and is related to certain 
aerobic bacteria, such as ethene oxidizers (ethenotrophs) 
and methane oxidizers (methanotrophs) [23–25]. Pure 
ethenotrophic strains of the genera Mycobacterium and 
Nocardioides can also degrade VC metabolically as their 
sole carbon and energy source [24], while Polaromonas 
sp. strain JS666 is the only microorganism known so far 
that is capable of oxidizing cDCE metabolically [26, 27]. 
A successful remediation treatment of a CE-polluted site 
in Lower Saxony (Germany) [7] showed how nZVI–AC 
injection could create conditions suitable for OHRB, with 
PCE subsequently dechlorinated to cDCE, though the 
subsequent cDCE degradation step was accomplished by 
an aerobic Polaromonas strain.

The purpose of this study was to examine the poten-
tial of novel nZVI–AC for cleaning a CE-polluted site 
and to elucidate abiotic and biotic processes triggered 
by nZVI–AC application and their impact on indigenous 
microorganisms.

Material and methods
Description of the study site
The pilot site, in the urban core of Balassagyarmat in 
Hungary, produced industrial electrical components 
between 1970 and 1994, but is mostly an industrial 
brownfield now. Geologically, the site comprises Qua-
ternary alluvial sediments underlain by a sandstone bed-
rock weathered to silty fine-grained sand in its upper 
section. A two-layered aquifer system has developed in 
the Quaternary sediments, the upper layer consisting of 
Holocene fine-grained sand with a saturated thickness of 
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7 m and the lower layer consisting of Pleistocene coarse-
grained sand and sandy gravel with a total thickness of 
3  m (Fig.  1). The upper and lower layers are separated 
by a semipermeable layer of silt and silty sand 3 m thick. 
The upper layer is overlain by sandy-clay to clayey-sand 
of low permeability, approximately 2 m thick. The upper 
and lower layers have a hydraulic conductivity of 5.0 * 10–

6 m/s and 5.0 * 10–3 m/s, respectively, based on pumping 
tests. Estimated groundwater flow velocities are approxi-
mately 0.01 m/day in the upper layer and 10 m/day in the 
lower layer.

The polluted groundwater plume, which is approxi-
mately 250 m wide (East–West) and 700 m long (North–
South), is primarily contaminated with PCE, TCE and 
metabolites of reductive dechlorination—cDCE and VC 
present as minor co-contaminants. The volume of con-
taminated groundwater is estimated at about 190,000 m3, 
and the plume is believed to contain around 15 kg of CEs 
(95  wt% PCE). Highest contaminant concentrations of 
between 85 and 120 µmol/L CEs (14–20 ppm PCE) were 
found in the coarse sandy–gravelly lower layer at 12 to 
13 m below ground level (bgl). The groundwater of both 
layers was oxic (concentration of dissolved O2 ranging 
from 5.2 to 6.2  mg/L) of the Ca-HCO3

− type, with ele-
vated mineralisation (total dissolved solids ranged from 
900 to 1185 mg/L) and slightly alkaline (pH 7.3–7.4).

Continuous multichannel wells (CMT wells) were 
installed on site (Fig. 2), each with two tubes, separated 
by bentonite packers to ensure representative sampling, 
the depth and screening interval being different for each 

tube. The down-gradient CMT wells were monitored to 
examine the impact of nZVI–AC injection on groundwa-
ter conditions. Only in the closest down-gradient wells 
CMT 1 and CMT 2 the impact of nZVI–AC application 
was noticeable, therefore the suit of laboratory analyses of 
samples from these wells were extended with molecular 
biological tests and the whole dataset was assessed. Well 
CMT 1 was screened to a depth interval of 8.6–9.6  m 
bgl, representing the layer of fine-grained sand, whereas 
the well CMT 2 was screened at 13.4–14.4 m bgl, repre-
senting the lower course-grained sand and gravel layer. 
The up-gradient well, termed 14/04 (Fig. 2), was used to 
monitor the inflowing groundwater at a depth interval of 
10.9–15.6 m bgl) and acted as a control.

nZVI–AC particles and injection parameters
nZVI–AC is an air-stable powder developed at the Helm-
holtz Centre for Environmental Research (UFZ; Ger-
many), and is produced on an industrial scale by ScIDre 
GmbH (Germany). nZVI–AC consists of activated car-
bon colloids (d50 ≈  1  μm) with embedded nZVI struc-
tures with a mean Fe0 content of 25  wt% [8]. Soluble 
CMC 75a was obtained from TiKEM (Hungary).

The nZVI–AC/CMC suspension used in this study 
was prepared by dispersion of the solid material in 
oxygen-free tap water under nitrogen atmosphere 
directly at the site. The suspension was injected by a 
Hydra-Cell G-10 hydraulic membrane pump (Wanner, 
UK) to a depth of 13 m bgl at three different injection 
points (Fig.  2) using TG63-150 penetrometer (Pagani, 

Fig. 1  Schematic geological cross section showing CEs source zone (red rectangle), up-gradient well 14/04, nZVI–AC application and 
down-gradient wells CMT 1 and CMT 2
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Italy) and Geoprobe pressure activated injection probe 
rods (Geoprobe Systems®, USA). The composition of 
nZVI–AC/CMC suspension and specific injection 
parameters are summarized in Table 1.

nZVI–AC injection took place in September 2015, 
with one groundwater sampling campaign undertaken 
prior to nZVI–AC application and three sampling 
campaigns taking place over an 85-day period after 
injection.

Measurement of chemical and physical parameters
Water samples were obtained using a low-flow tech-
nology Gigant pump (Eijkelkamp, Netherlands). 
Physico-chemical parameters were analysed directly 
in the field with groundwater level measured using a 
Heron interface meter (Heron Instruments, Canada), 
pH, dissolved oxygen, oxidation–reduction potential 
(ORP; recalculated to the standard hydrogen elec-
trode (ORPH)) and electrical conductivity measured 
with a Multi 350i multimeter (WTW, Germany). Con-
centration of nitrate and sulphate ions was analysed 
according to EPA method 9056A:2007 and concentra-
tion of total dissolved iron according to EPA method 
6010C:2007. Concentration of PCE, TCE, cDCE and 
VC was assessed using an HP-7890 gas chromatogra-
phy–mass spectrometer (GCMS; Agilent Technologies, 
Inc., USA) and concentration of ethene and ethane with 
an HP-5890 gas chromatograph with a flame-ionisation 
detector and thermal conductivity detectors (Agilent 
Technologies, Inc., USA). Reductive dechlorination of 
parent PCE by less chlorinated products to non-CE was 
expressed by the chlorine number (Cl no.), which was 
calculated as the weighted average number of Cl atoms 
per molecule of ethene [28].

Fig. 2  Location and layout of the pilot test area in Balassagyarmat. CMT = continuous multichannel wells, I = nZVI–AC injection points, 
14/04 = control monitoring well. Schematic cross section shown in Fig. 1 is indicated by dashed line

Table 1  Parameters of in situ nZVI–AC injection

Parameter Dimension

nZVI–AC 176.8 kg

Fe0 (25% in nZVI–AC) 44.2 kg

CMC 21.2 kg

Oxygen-free tap water 12.35 m3

nZVI–AC concentration ~ 14.3 g/L

CMC concentration ~ 1.7 g/L

Injection pressure 0.5–4 bar

Injection flow rate 20–30 L/min

Injection depth at each injection point 13 m bgl

Soil porosity 30%
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DNA extraction and qPCR
Water samples for molecular genetic analysis were pro-
cessed for DNA extraction immediately after sampling. 
The samples (0.5  l) were filtered through a 0.22  µm 
membrane (Merck Millipore, Germany) then DNA was 
extracted from the filter using the FastDNA Spin Kit for 
soil (MP Biomedicals, USA), according to the manufac-
turer’s protocol.

The relative abundance of the 16S rRNA gene (rep-
resenting total bacterial biomass), Dehalobacter spp., 
Dehalococcoides spp., Dehalogenimonas spp., Geobacter 
spp., Desulfitobacterium spp., Gallionella, Geobacter, 
the VC reductase genes vcrA and bvcA and functional 
genes encoding enzymes for ethenotroph-mediated 
aerobic biodegradation [i.e. alkene monooxygenase 
(etnC) and epoxyalkane:coenzyme M transferase (etnE)] 
were determined by qPCR, as described previously [29]. 
Briefly, qPCR reactions were prepared and performed 
in a LightCycler® 480 instrument (Roche, Switzerland). 
Crossing point (Cp) values were obtained using the Sec-
ond Derivative Maximum method. The qPCR results 
were evaluated as relative quantification of the fold 
change between two states, with the condition of spe-
cific bacteria or genes prior to application taken as the 
starting point. Average Cp values (normalised to sam-
ple volume) of a given marker were summarised follow-
ing calculation described in Nechanicka et  al.  [30]. The 
Cp values were first divided into two sets, one with val-
ues lower than 36 and the other with values equal to or 
higher than 36. The first set of values was divided into 
three intervals of the same size, with lowest values clas-
sified as ‘high quantity’, mean values classified as ‘inter-
mediate quantity’; values equal to or higher than 36 
classified as ‘low quantity’, values between 36 and 39 clas-
sified as ‘detection limit’ and values equal to 40 classified 
as ‘not detected’. All primers used for qPCR are listed in 
Additional file 1: Table S1.

16S rRNA sequencing
DNA for 16S rRNA sequencing (next generation 
sequencing, NGS) was extracted from a 30  mL sam-
ple using the MO BIO PowerWater DNA Isolation Kit 
(Carlsbad, California, USA). The 16S rDNA gene was 
amplified via PCR using the 8F (5′-AGA​GTT​TGA​TCC​
TGG​CTC​AG-3′) and 1492R (5′-TAC​GGY​TAC​CTT​GTT​
ACG​ACTT-3′) primers [31]. Following PCR amplifica-
tion, the DNA was stained and then placed in agarose gel, 
where it was subsequently separated using electrophore-
sis. The stained DNA was viewed under UV light and tar-
get ~ 1500 base pair products identified by comparison to 
a ladder of DNA fragments of varying lengths. Sequenc-
ing of the PCR amplicons for 16S rRNA was conducted 

using the Illumina MiSeq platform (Illumina, San Diego, 
CA, USA) by targeting the V4 hyper-variable region (for-
ward primer, 515F, 5′-GTG​YCA​GCMGCC​GCG​GTAA-
3′; reverse primer, 806R, 5′-GGA​CTA​CHVGGG​TWT​
CTAAT-3′) for 2 × 250-bp paired-end sequencing (Illu-
mina) [31, 32]. PCR amplification was performed using 
the Roche FastStart High Fidelity PCR System (Roche 
Diagnostics Ltd, Burgess Hill, UK) on 50-μL reactions 
under the following conditions: initial denaturation at 
95 °C for 2 min, followed by 36 cycles of 95 °C for 30 s, 
55 °C for 30 s, 72 °C for 1 min and a final extension step 
of 5 min at 72  °C. The PCR products were purified and 
normalised to ~ 20 ng each using the SequalPrep Normal-
ization Kit (Fisher Scientific, Loughborough, UK). The 
PCR amplicons for all samples were then pooled in equi-
molar ratios. The run was performed using a 4 pM sam-
ple library spiked with 4 pM PhiX to a final concentration 
of 10%, following the method of Schloss and Kozich [33].

Sequencing data processing and analysis
Demultiplexed raw sequences were processed by DADA2 
[34] following a standard DADA2 pipeline comprising (i) 
removal of low-quality and short reads, (ii) a search for 
and subsequent removal of chimeras (bimeras) and (iii) 
classification of reads against the SILVA reference data-
base (version 13). Vegan [35] and phyloseq [36] R librar-
ies were used for creation of the heatmap (only genera 
with a minimum relative abundance over 1% shown) and 
alpha-diversity comparison.

Results and discussion
Groundwater physical and chemical parameters
Injection of nZVI–AC resulted in a rapid decrease in 
groundwater ORP from both layers in the CMT well 
(Fig.  3a). ORPH dropped from 192 to −  301  mV in the 
upper layer (CMT 1) and from 125 to − 347 mV in the 
lower layer (CMT 2). Six days after injection ORPH 
increased to 102  mV at CMT 1 and up to −  45  mV at 
CMT 2, screened to the layer where nZVI–AC was 
injected and, therefore, more affected. The nZVI–AC 
suspension tended to sink slightly during and shortly 
after injection (13  m bgl, with the injection bulb hav-
ing an estimated radius of 1.5  m in sediment porosity); 
hence, CMT 1 (8.6–9.6 m bgl) in the upper aquifer hori-
zon was naturally less affected by the particles over time. 
ORPH in both layers then increased further, returning to 
levels similar to pre-injection on day 35. A slight but tem-
porary decrease in ORPH was also observed in the upgra-
dient well 14/04.

Groundwater pH increased immediately after injec-
tion from an initial value of around 7.3 to 7.6 in in well 
CMT 1 to 8.2 in well CMT 2 due to a reaction between 
nZVI and dissolved oxygen and water that generated 
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OH− [2]. The pH of both layers had dropped to the ini-
tial level of approximately 7.3 at the end of the study on 
day 85 (Fig. 3b). A similar pH trend to that in CMT 1 was 
also observed in groundwater from the upgradient well 
14/04, indicating a temporal effect of nZVI–AC injection 
on groundwater in nearby upgradient areas (discussed 
further below).

An initially high dissolved oxygen concentrations of 5.2 
to 6.2 mg/L indicated oxic conditions in both the upper 
and lower aquifer layers (Fig. 4a). While such conditions 
lead to a shorter lifetime for the reactive function of the 
material, and hence are outside the recommended appli-
cation window for abiotic CE treatment with nZVI–AC, 
we decided to proceed with the injection. After nZVI–
AC application, depleted dissolved oxygen was only 

Fig. 3  Changes in ORPH (a) and pH (b) after nZVI–AC injection at day 0. CMT 1 and 2 = continuous multichannel wells, 14/04 = control monitoring 
well

Fig. 4  Concentration of dissolved oxygen (a), nitrate (b), total dissolved iron (c) and sulphate (d) 6 days before and after nZVI–AC injection. CMT 1 
and 2 = continuous multichannel wells, 14/04 = control monitoring well
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observed in the lower layer of CMT 2 on day 0; how-
ever, on the following day dissolved oxygen increased 
to 1.3  mg/L, and similar levels were observed for the 
rest of the pilot study. This was due to the inflow of oxic 
groundwater being higher than the reducing capacity of 
the nZVI–AC. In comparison, the effect of nZVI–AC 
on groundwater dissolved oxygen concentration in the 
upper layer of CMT 1 and in the upgradient area (14/04) 
was much lower (Fig. 4a).

The dynamics of nitrate concentration in both lay-
ers (Fig.  4b) suggested an insignificant, or at most tem-
porary, effect of nZVI–AC on overall redox conditions. 
Nitrate concentration showed a dramatic decrease of 32% 
in lower layer groundwater up to day 35; however, lev-
els had been re-established by the end of the study due 
to the high inflow of nitrate-rich groundwater and the 
weakening effect of nZVI–AC. The original concentra-
tion of dissolved iron (Fe) was close to its detection limit 
(0.1 mg/L) at this site (Fig. 4c). Application of nZVI–AC 
led to a significant increase in the upper and lower layers 
(7.4 and 80.7 mg/L, respectively) on day 35. This 35-day 
increase in soluble Fe(II) probably occurred as a conse-
quence of a complexing effect between CMC and micro-
bial processes, where CMC fermentation products or 
H2 (produced by reaction of nZVI) acted as an electron 
donor with Fe(III) as the electron acceptor. These data are 
in accordance with our previous studies [16, 37], where 
we suggested that Fe(II) is derived not only from natu-
rally present iron, but is also recycled from the injected 
nZVI that was oxidized to Fe(III). The effect of nZVI–AC 
on sulphate concentration in lower layer groundwater 
(Fig.  4d) was even lower than that observed for nitrate 
(Fig.  4b) as conditions suitable for microbial sulphate 
reduction were not established. The linear decrease of 
sulphate concentration detected in the upper layer of 
CMT 1 does not appear to be related to abiotic reduction 
by nZVI–AC.

As the presence of electron acceptors in groundwa-
ter, mainly dissolved oxygen and nitrate has the negative 
effect on the CE degradation by nZVI–AC, consumption 
of the reducing power of nZVI by the reduction of dis-
solved oxygen and nitrate was estimated as follows.

Consumption of electrons by a reduction of oxygen and 
nitrate was calculated using the appropriate reduction 
reactions [38]:

 and a conservative assumption that the whole amount 
of applied nZVI–AC distributed in the lower layer with 
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radius of influence of 1.5 m filled the void space of effec-
tive porosity of 20% in the area of approximately 26 m2 
(3  m diameter × 8.7  m depth). By taking the ground-
water flow velocity of 10  m/day, the reducing power of 
nZVI (total number of electrons potentially donated 
from Fe0 oxidation to Fe3+) was theoretically exhausted 
in 9 days on the chemical reduction of dissolved oxygen 
and nitrate flowing into the treatment zone. Even though 
CMC also provided the reducing power in the process of 
its biological degradation and the fact that not all amount 
of nitrate was reduced, it was evident that the amount 
of nZVI–AC was not sufficient for substantial and long-
term degradation of CE.

Monitoring of PCE and its degradation products
While CE concentrations in groundwater from the 
upgradient control well (14/04) remained more-or-less 
stable throughout the study (Fig. 5a), those in groundwa-
ter from the upper layer of CMT 1 and the lower layer of 
CMT 2 were lower (Fig.  5b, c), having been affected by 
nZVI–AC application.

Highest initial PCE concentrations were detected in 
groundwater from upgradient well 14/04 (121.8 µmol/L) 
and in groundwater from the lower layer of CMT 2 
(84.4 µmol/L), with just 1.4 µmol/L detected in the upper 
layer of CMT 1. A rapid decrease in PCE concentration 
was observed in both downstream layers (90% decrease 
in CMT 1 and 99.8% in CMT 2) 6 days after nZVI–AC 
injection, followed by a slow increase to 72% (CMT 1) 
and 58% (CMT 2) of the initial concentrations by the end 
of the field experiment (day 85) due to continuous inflow 
of contaminated groundwater. The Cl no. ranged from 
3.7 to 4 prior to injection, reflecting a very low dechlo-
rination level of the parent contaminant PCE (Fig. 6). In 
comparison, the Cl no. remained high (4.0) throughout 
the study in groundwater from control well 14/04, indi-
cating that reductive dechlorination did not play a sig-
nificant role in the groundwater around this well. Cl no. 
dynamics in CMT 1 and CMT 2 indicated that reduc-
tive dechlorination contributed noticeably to a temporal 
decrease in PCE concentration and the subsequent for-
mation of daughter products. This process could either 
have been abiotic or, after a lag phase, biotic, the process 
being mediated by OHRB where H2, originating from the 
reaction between nZVI and water, serves as an electron 
donor. In CMT 1, the Cl no. decreased slightly from 3.7 
to 3.0, 6 days after nZVI–AC injection, but had returned 
to its initial level (Cl no. 3.7) by day 35. Reductive dechlo-
rination in CMT 1 appeared rather weak, most likely due 
to limited migration of nZVI–AC into the upper layer, as 
also observed by Mackenzie et  al. [6] at a different site. 
The lower layer (CMT 2) exhibited the greatest decline in 
Cl no., falling from a baseline of 4.0 to 0.4 after 6  days. 
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An increase in pH from a baseline of 7.4 to 8.2 on day 
0 documented corrosion of nZVI by water. The gradual 
restoration of both Cl no. and CE concentration (Figs. 5d, 

6) to their initial values by the end of the test indicates 
that the effect of nZVI–AC injection was temporary. This 
was probably due to the material itself having a limited 
lifetime, due mainly to a strong inflow of other electron 
acceptors (such as dissolved oxygen and nitrate) into 
the treatment zone, together with PCE from upgradient 
areas.

Initial levels of less chlorinated metabolites (TCE, 
cDCE and VC) were low throughout the aquifer. Maxi-
mal initial concentrations were 0.357  µmol/L for TCE, 
0.149 µmol/L for cDCE in well CMT 1 and 0.003 µmol/L 
for VC in well CMT 2. Less chlorinated metabolite con-
centrations differed between wells. On day 6, TCE and 
cDCE concentrations decreased temporarily in well 
CMT 1, while VC concentration increased slightly then 
dropped below the detection limit until the end of the 
study, both confirming low level of reductive dechlorina-
tion in CMT 1.

Responses differed in the lower layer at well CMT 2, 
where TCE, cDCE and VC concentrations increased 

Fig. 5  Concentrations of CEs, ethene and ethane in groundwater from wells 14/04 (a), CMT 1 (b) and CMT 2 (c). Left axis represents PCE and the 
sum of ethene and ethane, while the right axis represents TCE, cDCE and VC. The sum of CE concentrations in a logarithmic scale (d)

Fig. 6  Changes in Cl no. following nZVI–AC injection at day 0, 
calculated as the weighted average number of Cl atoms per molecule 
of ethene
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alongside nZVI–AC injection and PCE degradation 
(Fig.  5c). On day 35, TCE had increased by a factor of 
10 (3.2% of initial PCE concentration transformed) and 
cDCE by a factor of 28 (2.5% of the initial PCE), while 
VC had increased by a factor of more than 900 by day 6 
(0.8% of PCE before injection). Subsequently, there was a 
decline in metabolite concentrations, though by the end 
of the study levels were still higher than initial readings.

In the upgradient well 14/04, concentrations of the less 
chlorinated metabolites TCE, cDCE and VC showed only 
minor changes, all within typical deviation limits for field 
studies (Fig.  5a). By day 6, the cDCE concentration had 
increased by a factor of 2.2 and VC concentration by a 
factor 2.5, though levels subsequently dropped to (cDCE) 
or below (VC) their initial levels.

The initial levels of both ethene and ethane (non-chlo-
rinated metabolites of CE anaerobic degradation) were 
below detection limits (< 0.001 µmol/L) in both monitor-
ing wells and, aside from CMT 2, did not change signifi-
cantly over course of the study. In CMT 2, application of 
nZVI–AC resulted in a significant increase in ethene and 
ethane to 10.4 µmol/L and 10.0 µmol/L, respectively, by 
day 6, followed by a rapid decrease toward the end of the 
study (Fig. 5c).

Overall, nZVI–AC injection resulted in mild and short-
term reductive dechlorination of CEs in the upper layer 
(CMT 1), and noticeable, though time-limited, changes 
in the lower layer (CMT 2). Previous studies have shown 
that, while biological reductive dechlorination of CEs can 
occur under both nitrate-reducing and iron-reducing 
conditions, sulphate reducing and methanogenic condi-
tions are most favourable for OHRB [39]. Unfortunately, 
such conditions were not established at our site.

Bacterial community
Bacterial community prior to nZVI–AC application
The microbial community in the aquifer was charac-
terized by a high abundance of genera known for their 
involvement in nitrogen geochemical cycles, including 
nitrite-oxidizing Nitrospira, ammonia-oxidizing Candi-
datus Nitrosoarchaeum, nitrate-reducing Rhodoferax and 
Methylotenera, and iron: iron-oxidizing Gallionella and 
Sediminibacterium, iron-reducing Rhodoferax, Ferribac-
terium and Geobacter.

In contrast, the abundance of sulphate-reducing bac-
teria detected by NGS in our dataset was very low. The 
families Desulfobulbaceae and Desulfovibrionaceae were 
only detected in well CMT 1, with no assigned genera 
(data not shown). On the other hand, the sulphur-oxidiz-
ing genus Sulfuritalea was found in all samples and was 
recorded at highest abundance in the lower zone of well 
CMT 2. Finally, qPCR revealed a higher initial abundance 
of Desulfitobacterium in well 14/04.

Noticeable differences in the initial abundance of 
OHRB and VC reductase genes were detected by qPCR 
in the upper and lower layers of groundwater. In gen-
eral, a higher abundance of OHRB (comprising the 
genera Dehalobacter, Dehalococcoides and Dehalogeni-
monas) were found in the upper groundwater layer in 
CMT 1 than the lower layer in CMT 2. Low numbers 
of OHRB in the lower layer most likely relate to its high 
permeability and the high mass fluxes of oxygen and 
nitrate that inhibit organohalide respiration [40]. The 
slightly higher degree of PCE reductive degradation 
observed in the upper groundwater layer (Cl no. 3.7 
in the upper layer compared to 4.0 in the lower layer, 
Fig. 6) may reflect the stratification of OHRB.

NGS analysis did not reveal the presence of any 
OHRB other than the genus Dehalogenimonas, the only 
assigned member of the phylum Chloroflexi (below 
1% of total genera detected), the genera Desulfitobac-
terium, Dehalobacter and Dehalococcoides not being 
detected. Nevertheless, qPCR confirmed the presence 
of these OHRB, together with VC reductase genes, in 
the aquifer. A similar discrepancy between NGS and 
qPCR data has been reported previously [41, 42], the 
previous authors explaining this by both a very low rel-
ative abundance of OHRB in the bacterial community 
and more efficient PCR amplification using the highly 
specific qPCR primers rather than the universal prim-
ers used for NGS.

On the other hand, NGS did reveal the presence of 
Trichococcus in the lower layer of CMT 2, a bacterial 
genus capable of dechlorinating PCE and TCE with the 
TceA enzyme [43]. Furthermore, the groundwater in 
both layers contained the genus Aquabacterium, capa-
ble of dechlorinating under anaerobic conditions [44]. 
Similarly, the proteobacterial group MND1, which was 
abundant in well 14/04, and Hydrogenophaga, detected 
in high numbers in both layers of the CMT wells, have 
both been recorded in relation to remediation of con-
taminated soils [44, 45]. In reference well 14/04, Pseu-
dorhodobacter were the most abundant bacterial genus; 
however, while the genus has previously been detected 
on sites contaminated with CEs [41], there is no evi-
dence of its association with CE degradation.

NGS also detected several genera known for their 
ability to degrade CEs aerobically, namely Polaromonas 
and Pseudomonas. Bacteria of the genus Polaromonas 
are commonly found in groundwater samples at CE-
contaminated sites, even in deep wells where anoxic 
conditions predominate [7, 41, 43, 46]. Interestingly, 
Polaromonas sp. strain JS666 is the only microorganism 
known to oxidize cDCE by using it as a sole carbon and 
energy source [26]. The genus Pseudomonas comprises 
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strains capable of aerobic cometabolic PCE and TCE 
degradation and VC-assimilation [18, 24, 47].

Effect of nZVI–AC application
Soon after nZVI–AC injection, the bacterial genera 
Rhodoferax and Ferribacterium, both involved in iron 
reduction (Rhodoferax also respires with other electron 
acceptors, including nitrate), and Methylotenera, also 
involved in nitrate reduction, proliferated in both layers 
of in the CMT wells (Fig. 7). This increase is most likely 
related to the establishment of more favourable redox 
conditions and the availability of electron donors fol-
lowing application of the nZVI–AC/CMC suspension. 
The facultative anaerobe Rhodoferax has been shown to 
assimilate VC as a primary growth substrate [48]; further, 
it could regenerate iron for additional CE reduction by 
reducing oxidized Fe(III) to Fe(II).

Both iron-oxidizing Gallionella and iron-reducing 
Geobacter have previously been shown to dechlorinate 
PCE or TCE [49, 50]. In our study, Gallionella, which was 
initially found at a relatively high abundance in the upper 
layer of CMT 1, proliferated 1 day after nZVI–AC injec-
tion. However, a much greater increase was observed 
in the lower layer of CMT 2, 35 days after the injection 
(Table 2; Fig.  8). This corresponded with elevated levels 
of total dissolved iron (Fe(II)). Gallionella is commonly 
found in the groundwater of CE-contaminated sites [47, 
51] and has been described as capable of dechlorinating 

TCE under sulphate-reducing conditions [49]. While 
iron-reducing Geobacter were already abundant in well 
14/04 and in the upper layer of CMT 1, their abun-
dance increased even further after nZVI–AC application 
(Table 2; Fig. 8).

On the other hand, relative abundance of the iron-
oxidizing genus Sediminibacterium declined over the 
course of the study (Fig. 7). This may have been caused by 
an increasingly complex microbial community structure 
over time, leading to increased interspecific competition.

Application of nZVI–AC resulted in a decrease in 
the abundance of sulphur-oxidizing Sulfuritalea in the 
upper and lower layers of the CMT well by day 6, fol-
lowed by partial recovery (Fig.  7). Desulfitobacterium 
was the only sulphate-reducing bacteria detected in the 
aquifer; thus, we can assume that groundwater condi-
tions were insufficiently reduced by nZVI–AC to support 
sustained growth of sulphate-reducing bacteria. This is 
also supported by the changes in groundwater sulphate 
concentrations, with the most significant changes in CE 
concentration being observed on day 6 in the lower layer 
CMT 2 and an increase in the abundance of Desulfitobac-
terium, known to degrade PCE down to cDCE (Table 2; 
Fig.  8). However, other reductive biomarkers were also 
found in similar (Dehalobacter, Dehalogenimonas, VC 
reductase gene bvcA) or lower (Dehalococcoides, VC 
reductase gene vcrA) levels (Table  2; Fig.  8), suggesting 
that reductive dechlorination of CEs was dominantly 

Fig. 7  Bacterial community composition in wells CMT 1, CMT 2 and 14/04 before (− 6 days) and after (6 days, 35 days and 85 days) nZVI–AC 
injection. Only genera with a relative abundance > 1% shown
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abiotic and can be attributed to nZVI–AC application. 
The abundance of Dehalobacter, Desulfitobacterium 
and the gene vcrA showed an increasing trend up to day 
85, though not enough to result in significant reductive 
dechlorination activity as the Cl no. also increased at the 
same time (Fig. 6).

OHRB and VC reductase genes were more abundant 
in the upper layer of CMT 1 (compared to the lower 
layer) throughout the study; however, their abundance 
increased even further following nZVI–AC injection. 
Nevertheless, OHRB activity in this layer did not exhibit 
significant and sustainable reductive CE dechlorination.

Of the bacteria potentially participating in CE dechlo-
rination, Trichococcus increased in both aquifer layers, 
culminating on day 6 in the lower layer and day 35 in 
the upper layer, after which it decreased again but not 
to its initial levels. Bacteria of the genus Aquabacterium 
declined in both layers following nZVI–AC application. 
By the end of the study (day 85), however, they had prolif-
erated remarkably (Fig. 7).

Of the bacteria potentially degrading CEs aerobically, 
Polaromonas abundance decreased in both aquifer lev-
els following nZVI–AC application (Fig.  7); however, 
while it declined to non-detectable levels in the upper 
layer (CMT 1) it remained detectable in the lower layer 
(CMT 2) throughout the study, indicating a potential for 
oxidative degradation of CEs. Similarly, the genus Pseu-
domonas exhibited had decreased in abundance by day 
35 in both aquifer layers, but had staged a distinct recov-
ery by the end of the study (day 85; Fig.  7). A slight 
increase in the abundance of the ethenotroph functional 
gene etnE was detected on day 35, indicating the poten-
tial for aerobic oxidative degradation of VC and cDCE 
(Table 2; Fig. 8).

Overall, NGS failed to show dramatic changes in the 
microbial community induced by nZVI–AC applica-
tion. Bacterial community alpha-diversity showed high 
between-sample similarity prior to nZVI–AC injec-
tion, with no significant differences found after injec-
tion (Additional file  1: Fig. S1). The reducing effect of 
nZVI–AC resulted in short-term proliferation of nitrate 
and iron reducers only, with the reduced iron generated 
inducing an increase in iron-oxidizing bacteria at a later 
stage.

Owing to high initial concentrations and continuous 
mass influx of nitrate and dissolved oxygen, conditions 
for sulphate-reducing microorganisms and OHRB were 
unfavourable. As reported previously [39], presence of 
electron acceptors other than CEs has an inhibitory effect 
on organohalide respiration. Nevertheless, while optimal 
redox conditions required for anaerobic OHRB (i.e. sul-
phate-reducing or methanogenic [37]) were not achieved, 
these bacteria were detected in all wells prior to, and at 
slightly increased numbers after, nZVI–AC injection.

On the other hand, low dissolved oxygen levels per-
mitted the concurrent presence of OHRB and CE oxi-
dizing Pseudomonas and Polaromonas (both capable 
of assimilating cDCE), which is in accordance with the 
first field-scale study by Vogel et  al. [7], who observed 

Table 2  Summary of qPCR results for changes in the relative 
abundance of biomarkers following nZVI–AC injection (day 
0)

Calculations were based on Cp values, with +++ = high abundance; 
++ = medium abundance; + = low abundance; +− = at detection limit; 
ND = not detected

Well Time before and after nZVI–AC injection 
(days)

14/04 − 6 1 6 35 85

 16S rRNA ++ +++ +++ ++ +
 Desulfitobacterium +++ +++ +++ ++ +
 Dehalobacter ++ +++ +++ ++ +−
 Dehalococcoides ND ND ND ND +
 vcrA ND ND ND ND +
 bvcA ND ND ND ND +++
 Dehalogenimonas ++ + +− +− +−
 Gallionella + + + + ++
 Geobacter ++ ++ +++ +++ +
 etnC +++ ++ +++ +++ +
 etnE +++ ++ +++ ++ +−

CMT 1
 16S rRNA + ++ ++ ++ ++
 Desulfitobacterium + ++ +++ +++ +++
 Dehalobacter ++ +++ ++ ++ +++
 Dehalococcoides +++ +++ ++ +++ +++
 vcrA ND ++ ND +++ ND

 bvcA ND +++ ND ND ++
 Dehalogenimonas +++ +++ ++ ++ +++
 Gallionella ++ +++ ++ ++ +++
 Geobacter + +++ ++ + +++
 etnC + + + +− +
 etnE + +− + +− +−

CMT 2
 16S rRNA + + + ++ +
 Desulfitobacterium + + +++ + +++
 Dehalobacter + ++ + + ++
 Dehalococcoides + + +− + +
 vcrA ++ ND ND + ++
 bvcA ND ND ND ND ND

 Dehalogenimonas + ++ + + +
 Gallionella + ++ ++ +++ ++
 Geobacter + + + + +
 etnC +− +− +− +− +−
 etnE + +++ + +v ++
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nZVI–AC-supported organohalide respiration of PCE 
complemented by the oxidative degradation of cDCE by 
Polaromonas, even in deep anoxic wells 25  m bgl. Fur-
thermore, detection of the ethenotroph functional gene 
etnE indicated the potential for ethenotroph-mediated 
aerobic biodegradation of CE metabolites. Co-occur-
rence of OHRB and VC assimilating bacteria has also 
been found in groundwater [17, 52, 53] and discrete aqui-
fer soil samples [25] at other sites.

Conclusions
This study describes the effect of application of an 
nZVI–AC composite on hydrochemical conditions and 
microbial community of an oxic aquifer. In doing so, we 
intended to elucidate the chemical and microbial pro-
cesses involved in CE transformation.

The main findings are as follows:
Hydrochemical data indicated CE transformation with 

the noticeable involvement of reductive dechlorination.
Reductive dechlorination of CEs was primarily abiotic 

as an increase in ethene and low concentrations of VC 
did not coincide with an increase in the abundance of 
reductive biomarkers indicating complete dechlorination 
of PCE (Dehalococcoides, Dehalogenimonas, VC reduc-
tase genes vcrA and bvcA).

Hydrochemical parameters (a temporal decrease in 
groundwater dissolved oxygen concentration and an 
insignificant, or temporary, decrease in nitrate and sul-
phate concentration) indicated a limited, short-term 
effect of nZVI–AC application, probably due to a high 
overall inflow of competing electron acceptors (CEs and 
oxidized inorganic compounds) and the low levels of 
Fe(0) applied to the treatment zone. This is in accordance 
with the changes observed in the bacterial community, 
where reducing effects only resulted in temporary and/
or short-term proliferation of nitrate and iron reducers. 
The generated reduced iron induced an increase in iron-
oxidizing bacteria at a later stage. Overall, we observed 
no significant inhibition effect of nZVI–AC on the bacte-
rial community or its diversity.

Oxic conditions in the aquifer prevented any signifi-
cant growth of strictly anaerobic OHRB such as Dehalo-
coccoides and their functional VC reductase genes vcrA 
and bvcA in the treatment zone; however, it did allow the 
survival of aerobic microorganisms of the genera Pseu-
domonas, Polaromonas and Rhodoferax, known for their 
ability to assimilate VC or cDCE. A potential for aerobic 
oxidative degradation of CE metabolites was also indi-
cated through the detection of the ethenotroph func-
tional gene etnE.

Fig. 8  Changes in the relative abundance of biomarkers following nZVI–AC injection. All results are expressed as relative quantity, each marker’s 
abundance being compared to its state prior to injection. Note the logarithmic scale
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While this nZVI–AC application pilot study failed to 
produce a sustainable effect on CE contamination, it pro-
vided valuable insights into the hydrogeochemical and 
microbial processes induced, which could prove useful 
when designing full-scale applications.
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